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Abstract
The phytobenthos of streams has received a renewed interest since the introduction of the European 
Water Framework Directive (WFD), with all European member states now being required to 
monitor stream phytobenthos. This review highlights the reasons for using the phytobenthos as 
a monitoring tool in water bodies and examines the various biomonitoring approaches adopted. 
The different possible indices and metrics used for determining the ecological status of a stream 
using the phytobenthos are evaluated in terms of how effective and inclusive they are.  The 
biological, chemical and physical niches that the phytobenthos occupies in streams are also 
considered, as well as the functional importance of the phytobenthos to the stream ecosystem as 
the primary energy source. Multiple factors, such as hydrology, nutrients and grazers, influence 
phytobenthic growth in streams and these are discussed. All these factors have the potential 
to limit or enhance phytobenthic growth in different situations and are often interlinked, 
meaning that the influence of each is difficult to tease apart. This review, however, attempts to 
look at the current knowledge regarding each factor and discuss how it influences phytobenthic 
growth in the context of other factors, if such multiple interactions have been researched.
Keywords: Phytobenthos; streams; biomonitoring; hydrology; nutrients; grazers; temperature; light.
Introduction
Within streams, especially those with fast flow, very 
few truly planktonic species are present because those 
in suspension are washed downstream (Reynolds, 
2000).  The attached communities are therefore the major 
producers and the photosynthetic constituents of these 
attached communities are known as the phytobenthos*. 
The phytobenthos is also surrounded by bacteria, protozoa 
and fungi embedded in a polysaccharide matrix (Battin 
et al., 2003) which together is known as the biofilm.  The 
phytobenthos contains the main primary producers in 
lotic ecosystems and is predicted to be the main source of 
energy in mid-sized (third to sixth order) streams (Vannote 
et al., 1980).  This means that the autotrophic phytobenthos, 
along with varying inputs from heterotrophs, provides the 
*The term ‘phytobenthos’ is used throughout this review, 
as the periphyton or biofilm include much of the non-
photosynthetic component and the benthic algae does not 
include cyanobacteria.
136
DOI: 10.1608/FRJ-4.1.448
Law, R.J.
© Freshwater Biological Association 2011
majority of energy for organisms of higher trophic levels in 
lotic ecosystems (Biggs, 1996a).
In all water bodies, eutrophication and associated 
phytobenthic proliferations cause many problems such 
as oxygen depletion, toxicity, drinking water treatment 
problems, increased fish kills, decreased aesthetic value 
and reduced recreational use of the water (Quinn & 
Hickey, 1990; Biggs, 2000; Smith & Schindler, 2009). 
The total cost of freshwater eutrophication in England 
and Wales is estimated to be between £75 million and 
£114 million per year, although it is difficult to give a 
value for the ecological costs (Pretty et al., 2003).  The 
European-wide Water Framework Directive (WFD) was 
introduced in 2000 and states that by 2015 all water bodies 
should achieve ‘good ecological status’, which is defined as 
having a biota consistent with only slight alterations from 
that expected in the absence of human impacts (European 
Parliament & Council, 2000).  One of the biological elements 
required for this ecological assessment is ‘macrophytes 
and phytobenthos’.  Other environmental drivers also 
influence phytobenthos, such as the EC Habitats Directive 
(European Council, 1992), which requires the favourable 
conservation of listed threatened habitats and species, 
including lotic habitats.  As a result, Special Areas of 
Conservation (SAC) are designated for these habitats 
and species, and the sites are managed according to their 
ecological requirements.  At a UK level, Sites of Special 
Scientific Interest (SSSI) are designated for river habitats 
and associated key species, with the aim of maintaining 
or restoring their favourable condition.  In the United 
States, algal sampling has been incorporated into routine 
monitoring programmes (Fore & Grafe, 2002), as the 
United States Environmental Protection Agency requires 
water quality criteria based on biological information 
and determination of any impairment (Hill et al., 2003).
Phytobenthic proliferations are often a result of 
high nutrient loading, which in turn is associated with 
anthropogenic activity.  Biggs (2000) suggests that 
managing nutrients will reduce the frequency and 
duration of phytobenthic proliferations.  Mainstone & Parr 
(2002) developed pragmatic management targets for the 
UK, which vary between 0.02 mg and 0.1 mg L-1 Soluble 
Reactive Phosphorus (SRP) depending on river type and 
taking account of realistic social and economic impacts. 
But the Environment Agency (2010) is reporting that over 
50 % of rivers in England have concentrations greater 
than 0.1 mg L-1 of SRP.  In 2005, the UK Water Framework 
Directive Technical Advisory Group generated phosphorus 
standards for protecting ecological status objectives in 
different categories of rivers and lakes, ranging from 
0.03 mg L-1 to 0.05 mg L-1 Total Reactive Phosphorus (TRP) 
for high ecological status and 0.05 mg L-1 to 0.12 mg L-1 
TRP for good ecological status (Mainstone et al., 
2008).  Evidence is currently being reviewed again 
by UK environment and conservation agencies 
with a view to defining a framework of targets and 
standards suited to protecting both high and good 
ecological status and the condition of SAC and 
SSSI rivers (Mainstone, personal communication).
Given the ecological importance of the phytobenthos 
and its significance in environmental monitoring 
and management, this review assesses our current 
understanding of the phytobenthos in terms of 
biomonitoring, including its function in streams and its 
sensitivity to the numerous drivers in that ecosystem.
Monitoring and measuring 
phytobenthos
Chemical measures of water quality, including inorganic 
nutrients, organic pollutants, inorganic pollutants, acidity 
and salinity, are all informative but they have associated 
time and especially cost constraints, and for continuous 
measurements to be taken the equipment must be left out 
in the field at risk of flood damage or vandalism.  Biological 
measures, however, can reflect all aspects of water quality 
over time and give a direct measure of the ecological impact 
of environmental parameters.  Biomonitoring provides a 
reliable, relatively inexpensive way to record conditions 
over a number of sites (Bellinger & Sigee, 2010).
The following attributes of the phytobenthos 
make it better suited to biomonitoring 
than other biota (Lowe & Pan, 1996):
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• the phytobenthos, being mainly autotrophic, is 
positioned at the interface between the environmental 
and biotic components of the food web;
• the phytobenthos is essentially sessile; it cannot 
migrate to avoid pollution so must tolerate or perish;
• phytobenthic communities are species-rich and each 
species has its own tolerances, so the assemblage 
represents an information-rich system;
• phytobenthic organisms have short life cycles, with 
algal cells dividing up to twice daily, and so have a 
rapid response to change while the community lives 
long enough to integrate impacts over time;
• the phytobenthos is spatially compact, with much 
information in a small area and samples that are easy 
to handle and store;
• phytobenthic organisms are smaller in size than other 
biota and so potentially more sensitive to pollution at 
lower concentrations (De Jonge et al., 2008).
The structure of phytobenthic assemblages is 
widely measured, with indices based on diversity, 
evenness, dominance and similarity (Ziglio et al., 2006). 
When these indices are used to compare communities, 
however, different measures may produce different 
rankings of sites according to the method of calculation 
and the weighting used.  For example, in a particular 
situation the Shannon-Weaver index and Simpson 
index can show opposite trends (Nagendra, 2002). 
For this reason assemblage measures are rarely used 
alone.  Another criticism of statistical entities such as 
diversity indices is that the upper and lower limits do 
not represent realistic ecological situations.  For example, 
the popular Shannon index has a lower limit of zero that 
represents a community consisting of a single species, 
which is an unrealistic scenario (Passy & Bode, 2004).
Bioindicator indices can either be an evaluation of the 
entire community often involving multivariate analyses, 
or numerical indices based on key indicator species (not 
necessarily abundant or even present in all samples) 
(Bellinger & Sigee, 2010).  Evaluation of the community 
type can be indicated by the most common species, which 
are distinctive assemblages documented in relation to 
water quality variables.  For example, Round (1993) 
proposed five zones of increasing pollution and listed the 
main diatom species found within these zones, based on 
results seen from a range of rivers in Britain.  The results 
from this type of study do not always agree with those 
from other studies, especially in different geographical 
regions and with different river sizes (Bellinger & Sigee, 
2010).  Multivariate analysis can also be used to evaluate 
the entire community and compare it with environmental 
parameters.  This can then be used to identify key 
indicator species associated with different parameters 
and show the relative contribution of environmental 
factors in determining community structure.  This then 
allows characterisation of sites into robust ecoregions with 
associated water quality parameters (Soininen et al., 2004). 
Most bioindicator indices tend to concentrate on diatoms 
as a representation of the phytobenthos and so do not 
include filamentous algae, which usually make up to one 
third of the population in rivers and in some situations 
can be more abundant than diatoms.  Also, in Europe, 
diatoms are rarely directly responsible for undesirable 
phytobenthic proliferations in rivers (Kelly et al., 2009a).
Numerical indices based on indicator species 
(almost entirely diatoms) numerically weight individual 
species to reflect the degree of environmental specificity 
associated with that species.  The ‘stress’ parameters 
used for numerically weighting species may be single or 
multiple.  For example, the Trophic Diatom Index (TDI) 
uses P as a single parameter (Kelly & Whitton, 1995) 
whereas the Indice de Polluosensibilité (IPS) is based on 
organic load and nutrient concentrations (Bellinger & 
Sigee, 2010).  However, many indices that use multiple 
parameters do not distinguish which pollutant is causing 
the shift in community composition (Kelly et al., 2009a). 
Bioindicator indices can be based on single or multiple 
species as indicators; however, the more species included 
in the measure the more robust it is perceived to be and 
the more it will be applicable in other streams with 
different species making up the community.  For example, 
the IPS reflects eutrophication, organic pollution and 
salt elevation better than other indices as it integrates 
all known diatom species (De Jonge et al., 2008).  All 
diatom indices result in a value representing high to low 
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pollution and usually range from 1 to 5 or 10, but the TDI 
has been modified to range from 1 to 100 (Kelly, 2002).
Most numerical diatom indices require comparison 
with physiochemical parameters of water quality and 
the community found at a site can be given a score that 
relates the community to the level of pollution present. 
However, to put these scores into context, a null hypothesis 
or reference site which is untouched by anthropogenic 
activity is required to determine the natural community. 
Additionally, the WFD states that there should be ‘no more 
than a slight change in the composition and abundance 
of macrophytic and phytobenthic taxa compared to 
type-specific communities’ (European Parliament & 
Council, 2000, Annex V; Kelly et al., 2009a, 2009b).  In 
north-west Europe especially, pristine reference sites are 
rare if not completely absent, meaning that sites with the 
least anthropogenic stress must be used as the next best 
thing (Kelly et al., 2009a).  Passy & Bode (2004) suggest 
a diatom model affinity (DMA) index which compares 
samples taken with modelled communities found at a 
range of reference sites.  This is similar to the method of 
the river invertebrate prediction and classification system 
(RIVPACS) (Passy & Bode, 2004), and many member 
states of the European Union are now implementing 
this method in conjunction with existing indices. 
In accordance with the WFD, most member states 
have chosen to use diatoms to represent the phytobenthos 
and have used pre-existing metrics; for example, the 
Indice Biologique Diatomique (IBD), which is based 
on the IPS, is used in France.  In an intercalibration of 12 
member states in central Europe, nine used pre-existing 
indices, with the IPS being the most popular. Spain used 
multiple pre-existing metrics combined with two that are 
regionally specific.  Only one of the administrative regions 
of Belgium (Flanders) and the Netherlands developed 
new indices, although the Netherlands then reverted to 
the IPS (Kelly et al., 2009a, 2009b).  In order to eliminate 
irregular conclusions that may arise from the use of a 
single metric, multiple metrics can be used for the 
same sample, and in general metrics give comparable 
results (Kwandrans et al., 1998).  The use of multiple 
indices is relatively easy with the availability of 
database software such as OMNIDA which, in its most 
recent version, calculates 17 different diatom indices 
(OMNIDIA, 2011).  Several studies have also shown 
that metrics should only be used in the area where they 
were first developed unless adapted to local conditions 
and species (Rimet et al., 2005; Taylor et al., 2007).
Most indices compare species present with water 
chemistry; however, water chemistry can change rapidly 
due to many factors, particularly flow changes.  Floods 
account for much of the biomass loss in lotic systems but 
also strongly influence other factors: the availability of 
colonisers (Uehlinger, 1991); the nutrient concentration 
(Biggs & Close, 1989; Humphrey & Stevenson, 1992); 
the water clarity or turbidity (Davis-Colley & Smith, 
2001); stream geomorphology including substratum size 
(Jowett & Duncan, 1990); the density of grazers (Quinn 
& Hickey, 1990); and the time available for accrual, as 
determined by the frequency of floods.  According to 
Biggs (1995), flood disturbance and nutrient concentration 
are the principal axes with which it is possible to predict 
broad-scale differences in phytobenthic development in 
temperate streams.  Fig. 1 shows mean monthly biomass 
data in response to nutrient supply and floods at 15 sites 
in New Zealand streams.  The combination of frequent 
floods and low nutrient supply resulted in low biomass, 
and the combination of low flood frequency with plentiful 
nutrient supply resulted in high biomass.  With high 
nutrient concentrations and also a high flood frequency 
there is still some accrual due to rapid phytobenthic 
regeneration between floods, aided by plentiful 
nutrients, but to a much lesser extent.  The community 
composition is likely to be greatly changed along the 
disturbance axes regardless of the level of enrichment, 
which suggests the need for more inclusive adaptable 
metrics as most streams are likely to experience different 
levels of flow and floods.  The inclusion of phytobenthic 
biomass would further understanding in these situations.
Algal growth forms in benthic situations, as 
adaptations to the environment, have been used by 
many workers (Steinman et al., 1992; Kutka & Richards, 
1996; Biggs et al., 1998a; Carrick & Steinman, 2001; Passy, 
2007; Lange et al., 2010; Rimet & Bouchez, 2011).  The 
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theory is that phytobenthos uses various strategies to 
resist environmental pressures (such as grazing, flow 
and nutrient resource), which has resulted in different life 
forms such as motile, colonial, pioneer or tube-dwelling 
(Rimet & Bouchez, 2011).  Ecological guilds, which are 
groups of taxa living in the same environment but with 
different adaptations (or traits), have been suggested 
by Passy (2007), and the guilds of high profile, low 
profile and motile have been used by Lange et al. (2010) 
and Rimet & Bouchez (2011) to explain differences in 
resource levels and pesticide contamination in stream 
mesocosms.  A major drawback of these methods is that 
species are assigned a guild or trait from the literature 
or experience; there is no easy way to measure a newly 
found species and assign it to a group, although the 
databases for these measures are steadily growing.
There are two major concerns regarding measures 
of the phytobenthos.  First, while changes in taxonomy 
are measured, abundance is not presently accounted for. 
Second, most metrics only include diatoms at present 
and as mentioned previously other types 
of algae may also be abundant in rivers. 
Kelly et al. (2009a) have acknowledged 
that not enough use is being made of all 
phytobenthic taxa that are often visible 
along with diatoms and for which there is a 
reasonable amount of ecological knowledge 
(Lindstrøm et al., 2004).  The inclusion of 
non-diatom species is possible with almost 
all current metrics given enough time and 
samples; however, it would be easier with 
metrics involving traits, as information 
such as this may already be available.
All the current indices for 
biomonitoring require identification of 
phytobenthos to genus or species level, 
which relies on the competency and 
experience of the analyst as well as being 
very time-consuming.  In order to test 
the performance of analysts, Kelly (2001) 
used the Bray-Curtis similarity measure 
to evaluate the similarity of analyst results 
from replicate diatom samples.  He concluded that levels 
of similarity over 60 % typically indicate good agreement 
between analysts, unless the sample was diverse with 
many different species present, in which case similarity 
between analysts was lower.  Prygiel et al. (2002) also 
ran an inter-comparison exercise and found that some 
analysts did not even follow the standard sampling 
requirements but, of those that did, misidentification 
of species was the major source of variation.
Factors affecting phytobenthic 
growth in streams
Most biomonitoring indices tend to explain variation 
in taxonomy according to nutrient content in the water 
column.  However, there is no direct link as many other 
factors contribute to the community composition and 
biomass.  Given the important role of phytobenthos 
in lotic ecosystems and biomonitoring, it is important 
to understand all the factors that influence and shape 
Fig. 1. Mean monthly benthic chlorophyll a as a function of floods and enrichment 
(cellular nitrogen concentration). The response surface was generated using data from 
15 sites (Biggs, 1995; reproduced with permission from John Wiley and Sons).
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community growth.  Phytobenthic growth and 
architecture in rivers is shaped to varying degrees by many 
different biological, physical and chemical factors, such 
as stream flow, frequency and intensity of spates, light, 
temperature, substrata properties, nutrient availability, 
pH, competition, predation and immigration rates.  All of 
these factors are able to modify the phytobenthic make-up; 
however, these factors are also often inter-related and are 
difficult to distinguish from one another.  As Fig. 2 shows, 
these main factors often influence each other before they 
even interact to provide a considerable variety of scenarios 
for phytobenthic growth.  Detailed information regarding 
the major factors influencing phytobenthic growth is 
below, given after a brief description of the role of the 
phytobenthos.
The role of the phytobenthos in streams
The phytobenthos provides a number of biological, 
chemical and physical functions 
within the benthic community.  Each 
of these functions depends on the 
amount of phytobenthic biomass, 
and becomes more important as this 
biomass increases (Mulholland et al., 
1994).  The actual energy contribution 
of the phytobenthos within a stream 
can vary considerably temporally, 
along the length of the stream and even 
within a short reach depending on the 
input from heterotrophs.  For example, 
in mid-reach streams the proportional 
input of detritus is often low and the 
amount of heterotrophic energy input 
can increase (although seasonally) 
up to 60 %.  This is explained by the 
river continuum concept of Vannote 
et al. (1980), which describes the 
relationships between stream size 
and the structural and functional 
attributes of the communities living 
therein.  The nutritional quality of the 
phytobenthos varies between taxa (Lamberti, 1996), season 
(Ledger & Hildrew, 1998) and water quality (Ledger & 
Hildrew, 2001).  The phytobenthos can be considered as a 
chemical modulator converting nutrients from inorganic 
to organic forms, and some phytobenthic organisms, 
such as the blue-green algae, are able to fix atmospheric 
nitrogen (N), allowing production in N-limited streams 
(Peterson & Grimm, 1992).  Triska et al. (1989) observed 
diurnal patterns in nutrient concentration and found 
that biotic uptake of nitrate was greatest in daylight.  The 
phytobenthos is also capable of absorbing other substances 
such as metal ions and acts as a site for the breakdown of 
bacterial and other organic matter contamination. It can 
therefore help to purify water (Biggs & Kilroy, 2000).
The transient storage zone (TSZ) is the boundary layer 
between the main current and the stream bed created 
by the biofilm and provides the interface for nutrient 
cycling to occur in streams (Webster & Patten, 1979; 
Paul et al., 1991).  The phytobenthos can either extract 
Fig. 2. Major factors which affect phytobenthic growth in streams. Arrows show how 
dominant factors affect each other, but all different combinations of these factors create 
unique scenarios for phytobenthic growth.
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nutrients from the overlying water column or recycle 
nutrients already present within the TSZ of a mature 
biofilm community (Mulholland et al., 1994).  Thus the 
level of nutrient cycling and retention within the biofilm 
depends on the developmental stage of the phytobenthic 
mat.  The uptake of inorganic nutrients from the water 
column influences the supply of nutrients downstream; 
however, once assimilation and possible passage through 
successive trophic levels or remineralisation has occurred, 
these nutrients are ultimately transported downstream 
where further spiralling may occur (Paul et al., 1991). 
Phytobenthic accumulations can alter the near-bed 
hydraulic characteristics of a stream, in particular the 
dispersion coefficients and TSZ volumes, by changing the 
roughness profile of the stream bed (Dodds & Biggs, 2002). 
The phytobenthos can fill the gaps between rocks in a 
rough stream bed and therefore smooth the profile, or can 
cover a smooth channel bed with rougher biota.  Therefore, 
although hydrologic factors may be very influential in 
determining phytobenthic growth, the phytobenthos itself 
is capable of altering the fine-scale hydrologic profile and 
roughness of a stream bed (Nikora et al., 1997).  These 
changes also influence the habitat and food available for 
higher trophic communities such as macroinvertebrates 
and fish.  In lotic circumstances, the microbial loop is 
contained within the microclimate provided by the benthic 
biofilm, and some taxa such as Cladophora are capable of 
providing habitat for meiofauna and epiphytes because 
they can offer food, protection from predation and are 
anchored against flow disturbance (Dodds & Gudder, 1992). 
Nutrients
Many macro- and micronutrients are required for enzyme 
activity and protein synthesis, although N and P are 
the primary nutrients limiting phytobenthic growth in 
streams.  In addition, silica required for diatom frustules 
can limit growth (Haack & McFeters, 1982) although this 
is rarer in streams (Allan & Castillo, 2007).  In pristine 
aquatic ecosystems, demand for the dissolved inorganic 
forms of N and P (phosphate, nitrate and ammonium) 
is much greater than their natural availability from 
upstream, groundwater, surface runoff and atmospheric 
inputs (Biggs & Close, 1989; Mainstone & Parr, 2002; Allan 
& Castillo, 2007).  Human activities have increased the 
availability of N and P to fresh waters by more than 20 times 
background concentrations in many areas (Heathwaite 
et al., 1996); for example, 70 % of total nitrogen in inland 
waters is estimated to originate from diffuse sources, while 
86 % of SRP is estimated to originate from human sources 
(Parr & Mason, 2003).  These sources include surface runoff 
from agricultural fertilisation, human and animal sewage, 
fixation by leguminous crops, and industrial pollution 
(Howarth et al., 1996; Vitousek et al., 1997; Galloway & 
Cowling, 2002), which all lead to eutrophication and 
associated socioeconomic problems in water bodies (Pretty 
et al., 2003).
In a pristine river system, although the natural levels of 
P may vary among catchments, it is generally agreed that 
SRP concentrations in upland UK rivers are below 10 µg L-1 
(Mainstone & Parr, 2002).  However, the natural levels 
in lowland rivers are unknown due to human activities 
intensifying to the extent that no pristine rivers now exist 
(Dodds & Welch, 2000).  Rivers with a higher degree of 
human influence can exceed total P levels of 1500 µg L-1 
(Dodds et al., 1998).  The suggested upper limit of lowland 
near-pristine SRP concentrations has been judged to be 
no more than 30 µg L-1 (Mainstone & Parr, 2002) and a 
worldwide average for total dissolved P concentration 
in natural systems is 25 µg L-1 (Meybeck, 1982).  In rivers 
unimpacted by humans, natural concentrations of 
dissolved inorganic nitrogen (DIN) have been measured 
at approximately 120 µg L-1 (Meybeck, 1982).  In reality, 
natural N and P concentrations vary geographically: with 
bedrock type, for example, P levels are generally higher in 
areas draining sedimentary rather than crystalline bedrock 
(Dillon & Kirchner, 1975); with land cover, for example SRP 
and TN are greater in grazed pasture than wetlands (Brion 
et al., 2011); and with changes in discharge, for example 
nutrient pulses with catchment runoff (Hagedorn et al., 
2000) and within stream resuspension (Biggs & Close, 1989). 
It was originally assumed that stream phytobenthos 
would not be nutrient-limited due to the predominantly 
unidirectional flow, which constantly replenishes nutrient 
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supplies in streams (Grimm & Fisher, 1986).  This is now 
known not to be the case as demonstrated in nutrient 
enrichment studies where, for example, growth rates have 
been shown to be N limited at 86 µg L-1 of DIN and at 16 
µg L-1 SRP in a controlled nutrient gradient streamside 
mesocosm experiment (Rier & Stevenson, 2006).  One 
way to estimate whether N or P is limiting to the 
phytobenthos is to assess their ratio in the environment, 
based on the findings for marine phytoplanklton which 
state that the ratio of N/P in algal cells is constant at 16:1 
(Redfield, 1958).  Although individual species may vary 
from this cellular ratio, and cell storage may not reflect 
water nutrient concentration, this may be a helpful guide 
as to whether N or P is limiting.  For example, a N/P 
ratio of 70:1 in streams of eastern USA suggests that P 
limitation is common (Allan & Castillo, 2007).  However, 
Tank & Dodds (2003) saw that this ratio failed when the 
nutrient concentrations were so low (DIN was 10 µg 
L-1 and SRP was 5 µg L-1) as to cause both to be limiting, 
even though the ratio was greater than 16:1. Turner et 
al. (2003) have shown that organic sources of N and P 
also need to be understood in upland ecology, as certain 
species can utilise these when inorganic forms are limiting.
In a review of 158 studies, Dodds & Welch (2000) 
found that the phytobenthos was limited by N in 13 % of 
the studies, P in 18 %, both N and P in 44 %, and 26 % did 
not respond to nutrient stimulation.  Tank & Dodds (2003) 
also saw that the majority (41 %) of nutrient limitation 
studies reviewed showed limitation of both N and P, as 
did Francoeur (2001) in his review of 237 experiments. 
Co-limitation may be a result of species-specific 
requirements for nutrients, with a multi-species biofilm 
requiring more than one nutrient to enhance overall 
growth (Tank & Dodds, 2003).  Alternatively, co-limitation 
may be an additive effect as a result of very low 
concentrations of both nutrients, so that when the primary 
limiting nutrient is added, the reserves of the secondary 
are depleted sufficiently quickly for both nutrients to be 
limiting (Tate, 1990; Tank & Dodds, 2003).  Many studies 
have also emphasised that nutrient limitation is often 
temporal and spatial depending on inputs and outputs 
even from within a small regional scale (Mulholland 
& Rosemond, 1992; Francoeur et al., 1999; Wold & 
Hershey, 1999), and nutrient limitation is also affected 
by interactions with light or herbivores (Rosemond, 
1994; Sabater et al., 2000) (see section on Grazers, below). 
Nutrients in streams are not always limiting, as shown 
in a study by Biggs (1990) in which there was no difference 
in algal growth rates above and below a P discharge, 
meaning that nutrient concentration was already high 
enough to saturate cellular growth rates/peak biomass. 
Using a gradient of N and P in streamside mesocosms, 
Rier & Stevenson (2006) found that peak biomass increased 
until a saturation point of 308 µg L-1 DIN and 38 µg L-1 SRP 
was reached, beyond which peak biomass did not increase 
further.  Using data from multiple field studies Dodds et 
al. (2002a) found that saturation occurred at 27 µg L-1 to 100 
µg L-1 total P and 145 µg L-1 to 147 µg L-1 total N.  Cells 
are known to leak nutrients and Rier & Stevenson (2006) 
noticed that saturation by N may not be as complete as 
for P. The authors suggested that cells may leak N at a 
greater rate than P, which would maintain the demand 
for higher N than P supply to saturate peak biomass. 
The relationship between nutrient concentration uptake 
rates and phytobenthic biomass in streams has become a 
management and research focus, with the aim of reducing 
phytobenthic proliferations; Biggs (2000), however, 
showed that only a third of benthic chlorophyll a can be 
explained by nutrient concentrations in 25 streams studied. 
Regardless of this, a potential threshold target suggested 
by Welch et al. (1988) of 100 mg m-2 to 150 mg m-2 of benthic 
chlorophyll has been considered excessive in a review of the 
literature by Dodds et al. (2002a), while they have seen that 
56 % of maximum chlorophyll values exceed 100 mg m-2. 
Budgets of N in catchments have shown that only 
20 % to 30 % of N added to land by humans reaches the 
oceans (Boyer et al., 2002; Mulholland et al., 2004). This 
implies that there are substantial sinks for N between 
the land and oceans, as shown by Alexander et al. (2000). 
Using a regression model, Seitzinger et al. (2002) showed 
that 37 % to 76 % of nitrate inputs to rivers were removed 
during transport through the stream network with half the 
removal occurring in large rivers of more than fifth order. 
However, Alexander et al. (2000) found that N retention 
DOI: 10.1608/FRJ-4.1.448
143Stream phytobenthos
Freshwater Reviews (2011) 4, pp. 135-166
was inversely related to channel size, with retention rates 
declining with increasing depth.  The greater N loss in 
small rivers is probably due to the larger surface area of 
the channel in relation to the water volume, allowing for 
greater sediment and biota interaction (Alexander et al., 
2000).  This inference is backed up by Peterson et al. (2001) 
who state that the most rapid uptake and transformation 
of inorganic N occurred in the smallest streams with 
ammonium being removed from the water column faster 
than nitrate.  Mulholland et al. (2008) suggest that a median 
of 16 % of total nitrate uptake across all streams is accounted 
for by permanent denitrification, with uptake rates higher 
than 43 % in a quarter of the streams studied.  However, 
current denitrification rates are unable to remove excess 
nitrate from the system to compensate for the increased 
anthropogenic N loading (Kemp & Dodds, 2002).
Rates of nutrient uptake by the phytobenthos are 
controlled by the following sequence: rapid or kinetic 
transport from the main current into a boundary layer; 
slower, molecular or mass transfer through the inner 
portions of the boundary layer; and membrane transport 
from cell surfaces into cells.  All of these processes need 
to happen and the slowest will limit the uptake rate of 
nutrients (Larned et al., 2004).  Kinetic transport would 
only be limiting in the slowest of streams, while in many 
streams, especially oligotrophic streams, molecular 
transfer is usually the limiting step in nutrient uptake 
(Larned et al., 2004).  Thus diffusion limitation occurs 
when the nutrient concentration is so low or the diffusion 
distance so great that the cellular uptake rate is faster 
than the diffusion rate (Borchardt, 1996).  Uptake rates 
usually increase with increasing nutrient concentration 
until supply exceeds demand but this can also be 
nutrient-specific (Dodds et al., 2002b; Simon et al., 2005). 
Uptake rates depend on the thickness of the biofilm, as 
thicker mats will cause diffusion within to take longer 
(Horner et al., 1990), and are related to current velocity 
and therefore boundary layers (Mulholland et al., 1994).
Hydraulic conditions within a stream determine the 
size of the boundary layer or TSZ where laminar flow 
and mixing are rare, allowing the molecular diffusion of 
nutrients (see Introduction, and section on Hydraulics 
below).  Mulholland et al. (1994) suggest that nutrient cycling 
is directly related to TSZ size, based on the assumption that 
mass transfer of nutrients into algal cells is controlled by 
diffusion through stationary water surrounding the cells. 
This means that the TSZ increases nutrient processing 
through reducing the rate of downstream transport by 
rinsing and increasing the exposure of nutrients to areas 
of high uptake at the cell/water interface (Hall et al., 
2002).  Mulholland et al. (1994) also state that increases 
in TSZ size increase nutrient residence time within the 
TSZ and hence the opportunity for re-assimilation by the 
biota.  However, a certain amount of mixing is required 
within the TSZ in order to replenish nutrients, especially 
in oligotrophic situations (Biggs et al., 1998b).  In their 
conservative tracer injection experiment in flumes with a 
velocity of 0.07 m s-1, Mulholland et al. (1994) noted that 
the average turnover time of water in TSZs was 4 minutes.
The uptake length (SW) is the distance travelled by 
a nutrient in dissolved inorganic form within the water 
column before uptake, therefore SW lengthens with 
increasing discharge and as rivers become larger (Peterson 
et al., 2001; Newbold et al., 2006).  Uptake length is therefore 
a measure of nutrient limitation and efficiency of nutrient 
use in streams, with short travel times indicating high 
demand compared to supply and greater retention within 
the biota (Allan & Castillo, 2007).  Ensign & Doyle (2006), 
in a review of 52 studies in first to fifth order streams, 
have seen that the median uptake length for phosphate 
is 96 m, for ammonia is 86 m and for nitrate is 236 m, 
meaning that each nutrient has a different uptake length 
depending on the ease of uptake, biota requirements 
and availability in the water column.  The uptake 
length (SW) along with the turnover length (SB), which is 
defined as the distance travelled within the biota before 
being mineralised and returned to the water column, 
make up the length (in metres) of one nutrient spiral (S) 
(Newbold et al., 1982; Allan & Castillo, 2007) (Fig. 3).
The effects of nutrients and hydraulics on phytobenthic 
growth are highly related.  Biggs & Close (1989) found that 
53 % of mean annual biomass differences were explained 
by dissolved reactive P concentrations.  However, high 
correlations between nutrient concentrations and flow 
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revealed that the nutrient data were also very influenced by 
hydrologic data, meaning that both require consideration. 
Numerous field and laboratory studies have shown 
that many forms of nutrients are elevated during floods, 
especially in enriched systems (Biggs & Close, 1989; 
Grimm & Fisher, 1989; Mulholland et al., 1991; Humphrey 
& Stevenson, 1992; Peterson et al., 1994; Biggs et al., 1999a; 
Biggs & Smith, 2002; Riseng et al., 2004).  Concentrations of 
SRP from point sources often decrease in floods, however, 
as they are more diluted at high flows (Jarvie et al., 2006). 
In a long-term study, Royer et al. (2006) showed that nearly 
all nutrient export from streams occurred when discharge 
was greater than median discharge and extreme discharges 
(more than the 90th percentile) were responsible for over 
50 % of nitrate export and over 80 % of total P export.  As 
mentioned in the section on Hydraulics below, the effect 
of velocity and nutrients on the phytobenthos can be 
considered as a subsidy stress response with increasing 
velocity reducing the chance of nutrient depletion at the 
cell surface but also increasing the shear stress, which can 
lead to sloughing (Biggs et al., 1998b).  At high velocities, 
when nutrient inputs have little opportunity to interact 
with the phytobenthos for uptake to occur, streams can be 
considered to be in a rinsing throughput mode (Meyer & 
Likens, 1979; Royer et al., 2006); and at low discharge, streams 
can be considered to be in a processing, retention mode.
Borchardt (1994) stated that optimal velocities for 
growth vary with nutrient concentration; higher original 
nutrient concentrations reduce the delivery benefit 
associated with high velocity, although in this situation 
thicker mats of biofilm may need high velocities to deliver 
nutrients to the base (Horner et al., 1990).  In subscouring 
spates, Humphrey & Stevenson (1992) suggested that 
phytobenthic growth in nutrient-poor streams was 
inhibited whereas phytobenthic growth in nutrient-rich 
streams was stimulated.  This is because nutrients were 
rinsed out of the benthic mat and not replenished in 
nutrient-poor streams, whereas in nutrient-rich streams 
there was a net influx of nutrients even though rinsing 
was still occurring.  When dissolved reactive P was 
increased 4-fold and nitrate was increased 10-fold, 10 
days before and 2 to 9 days after a scouring flood, Biggs 
et al. (1999a) saw reduced loss of biomass and reduced 
time for biomass recovery to pre-spate levels, suggesting 
that nutrient enrichment decreases susceptibility to 
disturbance and hastens recovery following floods.
Individual species respond to differences in nutrient 
concentrations with varying efficiency (Paul et al., 1991). 
This is due to individual physiological attributes such 
as nutrient uptake, efflux, storage and efficient usage 
(Borchardt, 1996).  In a multi-species environment the 
differing uptake and storage abilities of species leads to 
co-limitation of the community for nutrients (Tate, 1990; 
Francouer, 2001; Tank & Dodds, 2003).  It is generally 
agreed, except in the most extreme cases, that nutrient 
enrichment usually increases diversity in stream 
phytobenthos (Peterson & Grimm, 1992).  This is because 
even when thick mats are produced with resource-sensi-
tive, eutrophic species in the canopy, the nutrient-depleted 
understories are still dominated by stress-tolerant species, 
which increase diversity (Pringle, 1990; Larned, 2010). 
The phytobenthos in areas of low nutrient concentration 
is often more efficient at recycling nutrients (Paul et al., 
1991), which creates a nutrient buffer and means that 
community diversity does not necessarily alter with 
changes in nutrient concentration (Mulholland et al., 1991; 
Mulholland et al., 1995; Greenwood & Rosemond, 2005). 
Furthermore, at low nutrient concentrations there may 
be little disruption to community composition because 
of dominance by immigration of new species (Biggs et 
Fig. 3. Spiralling in a simplified river ecosystem consisting of water 
and biota. Spiralling length (S) is the sum of the uptake length (SW), 
and the turnover length (SB) (modified from Newbold et al., 1982; 
reproduced with permission from University of Chicago Press).
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al., 1999a).  However, at some nutrient concentrations the 
community composition does change; for example, the 
dominant species at low N concentrations are often N 
fixers (Lohman et al., 1991; DeYoe et al., 1992; Mulholland & 
Rosemond, 1992; Peterson & Grimm, 1992; Mulholland et 
al., 1995; Henry & Fisher, 2003).  However, N fixers do not 
always dominate at low N concentrations as these species 
are still affected by other factors such as light, temperature 
and grazers (DeYoe et al., 1992; Marcarelli et al., 2008).  Rier 
& Stevenson (2006) noticed that diatoms still accumulated 
in their recirculating mesocosms even under exceptionally 
reduced nutrient conditions, and diatom growth could 
not be prevented, possibly due to heterotrophic diatom 
activity.  In enriched streams it is agreed that the most 
competitive species are elongate with increased length 
and a high surface area to volume ratio, and these 
features are most effective at benefiting these species 
through nutrient diffusion (Biggs et al., 1998a, b; Larned 
et al., 2004). Pan & Lowe (1994) demonstrated this when 
they observed species succession moving from adnate 
diatoms to erect diatoms with increasing enrichment.
Light and grazing are very influential on the 
phytobenthic response to nutrients.  Most studies 
looking at the combined effect of nutrients and light find 
that light is more of a limiting factor for phytobenthic 
growth than nutrients (Winterbourn, 1990; Bourassa & 
Cattaneo, 2000; Sabater et al., 2000; Bernhardt & Likens, 
2004; Greenwood & Rosemond, 2005; von Schiller et al., 
2007; Lange et al., 2010) (See section on Light, below). 
Top-down control such as high levels of grazing has the 
potential to counteract nutrient limitation (Lamberti & 
Resh, 1983; Mulholland et al., 1991; Rosemond, 1993; 
Greenwood & Rosemond, 2005; Hill et al., 2010).  Nutrient 
enrichment can compensate for high grazing pressure 
since consumer biomass increases with increasing nutrient 
concentrations as more food becomes available (Grimm 
& Fisher, 1989; Liess et al., 2009) (See Grazing section).
Hydraulics
Hydraulic factors are suggested by many to be the most 
significant factors determining phytobenthic growth 
in streams.  Hydraulics influence many other factors 
either directly or indirectly (Tett et al., 1978; Biggs, 1996a; 
Elosegui & Pozo, 1998; Biggs et al., 1999b).  Phytobenthic 
organisms must be able to attach to substrata without 
being swept downstream by the unidirectional force of 
the current, yet they must also be able to extract nutrition 
from the current by reaching out to areas of high nutrient 
concentrations (Lampert & Sommer, 2007), all without 
being eaten by grazers (Poff & Ward, 1992).  This is known 
as the ‘subsidy-stress’ response due to the competing 
beneficial and detrimental effects of flow (Biggs et al., 
1998b).  The beneficial effects of increased flow include 
increased immigration and the continual supply of 
nutrients and gases, which can increase metabolism and 
possibly reproduction rates (Whitford & Schumacher, 
1961; Stevenson, 1996). The detrimental effects are those 
associated with increased drag, such as shear stress, 
abrasion and ultimately sloughing.  It has also been 
suggested that increased current may rinse extracellular 
nutrients from the biofilm, which is detrimental when 
nutrients are in short supply (Humphrey & Stevenson, 
1992).
Peak biomass in streams is associated with moderate 
or intermediate velocities of 0.1 m s-1 to 0.2 m s-1 (Biggs & 
Gerbeaux, 1993; Stevenson, 1996).  However, peak biomass 
depends on the original nutrient status of the river (taking 
into account any upstream impoundments or inputs from 
groundwater) and light availability (Biggs & Close, 1989). 
Light intensity is usually greater in riffles than pools due to 
shallower depths (Stevenson, 1996).  This, in combination 
with strong mechanical attachment plus a net gain of 
nutrients (as those rinsed out are quickly replenished) are 
plausible reasons for greater biomass in moderate current 
(Humphrey & Stevenson, 1992).  In addition, the benthic 
mat is usually thicker in high nutrient streams than in low 
nutrient streams and this requires greater current velocity 
to thoroughly mix the overlying waters through the 
dense mat (Horner et al., 1990; Stevenson, 1996).  Thus at 
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velocities of 0.3 m s-1 to 0.6 m s-1 typical of riffles, increased 
filamentous green biomass (which has strong attachment 
capabilities) has been observed if nutrient and light 
resources are plentiful (Stevenson, 1996).  Hondzo & Wang 
(2002) noticed that growth of filamentous green algae 
was minimal in stagnant water, emphasising the mixing 
and therefore delivery function provided by current 
to ensure a net influx of nutrients to the phytobenthos. 
Although over longer timescales intermediate 
velocities provide greater biomass, the picture is more 
complicated over short timescales.  Communities growing 
in areas of low current velocity develop faster and initially 
with greater biomass than those growing in fast currents. 
They are loosely packed with a high proportion growing 
in an erect position; many cells are unattached and many 
stalked or colonial forms are present (Keithan & Lowe, 
1985).  As the development of these mats proceeds, 
resources at the base of the mat become limited and the 
understory, which attaches to the substrate, may senesce, 
which can result in the whole structure sloughing (Power, 
1992; Peterson, 1996).  Communities in areas of medium 
to high current velocity will develop more slowly and 
species will be in a prostrate position, giving a low 
vertical profile, and attach more strongly as a result of 
consistently greater shear stresses, for example Achnanthes. 
The mucilage content of these communities may also 
be greater to aid attachment and counteract drag from 
the current (Hoagland et al., 1993; Biggs & Hickey, 1994; 
Peterson et al., 1994).  Although initial development is 
slower in areas of high current velocity, biomass in these 
areas has eventually been seen to exceed that at lower 
current velocity (Biggs & Stokseth, 1996).  Altogether the 
communities growing in medium to high current velocities 
are more resistant and resilient when floods do occur 
(Peterson & Stevenson, 1992; Biggs & Thomsen, 1995).
Hydraulic conditions within a stream determine 
the size of the boundary layer where laminar flow and 
mixing are rare, allowing the molecular diffusion of 
nutrients around the phytobenthos.  This sub-layer or 
TSZ is defined as the region where a velocity gradient 
ranges from 0 % to 99 % of the free stream velocity 
(Vogel, 1994).  The free stream velocity and therefore 
TSZs are subject to constant changes due to discharge, 
stream size, channel morphology and flow obstructions 
as well as changes in the structure and biomass of the 
phytobenthos (Mulholland et al., 1994; Borchardt, 1996; 
Hall et al., 2002) (see Introduction).  The TSZs are created 
by backwater areas, pools or interstitial waters within and 
immediately above biofilms or sediments (DeAngelis 
et al., 1995).  Removal of in-channel obstructions such as 
vegetation or coarse woody debris have been shown to 
decrease transient storage area by 61 % in an agricultural 
stream and the subsequent introduction of flow baffles 
increased transient storage area by 227 % (Ensign & 
Doyle, 2005).  The size of TSZs is determined by free flow 
velocity and therefore ultimately negatively correlated 
with discharge (Hall et al., 2002).  The fine-scale current 
velocity may be of most importance to the phytobenthos 
because it only encounters the velocities and shear forces 
adjacent to the top of the TSZ (DeAngelis et al., 1995).
The growth form and architecture of phytobenthic 
communities influences their response to increased current 
(under non-saturating nutrient and light conditions).  For 
example, small, colonising organisms such as diatoms 
tend to attach to the substrata along their length using 
mucilage, meaning that they can withstand drag and 
therefore benefit from increased current to aid diffusion of 
nutrients (Allan & Castillo, 2007).  This position may also 
confer resistance to certain types of grazers (see section on 
Grazers, below) (Peterson & Stevenson, 1992).  Conversely, 
filamentous or stalked organisms, which are more 
competitively adapted to retrieve nutrients and capture 
light, will benefit less from a similar current velocity 
because they will experience greater drag and also lose their 
competitive advantage for nutrient uptake (Biggs et al., 
1998b).  Thus, the strength of attachment (Ghosh & Gaur, 
1998) and size of the TSZ are important in determining the 
phytobenthic community composition (Stevenson, 1996).
Extreme high flows or floods have the most impact 
upon phytobenthic biomass; as Biggs (1996b) states, ‘these 
disturbance forces can quickly remove the biomass that 
has accumulated over previous long periods of physical 
stability’.  These events greatly increase shear stress (Biggs 
& Close, 1989; Biggs & Thomsen, 1995), abrasion by 
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entrained sediments (Tett et al., 1978; Francouer et al., 1998; 
Biggs et al., 1999b) and even bed-load movement (Biggs & 
Close, 1989).  The effects of shear stress are species-specific 
due to the attachment capabilities of each species. 
Shear stress, abrasion and bed-load movement 
all lead to scouring or removal of the phytobenthos, 
although only the most severe of disturbances are able 
to completely remove it (Biggs & Close, 1989), allowing 
re-colonisation to occur from those species remaining in 
crevices or other refugia.  Areas of low biomass require 
a higher flow threshold than areas of high biomass, 
before sloughing occurs.  Therefore, Biggs & Close (1989) 
proposed a scour potential for biofilms of pre-spate 
biomass multiplied by spate magnitude and state that if 
scour potential exceeds 100 then scour of the chlorophyll 
a (the indicator used for algal biomass) is most likely 
to occur.  The authors noted that low biomass biofilms 
require a higher flow threshold before sloughing occurs, 
whereas larger biofilms can be eroded at lower velocities. 
For example, a biomass of 20 mg m-2 chlorophyll a 
requires a flood at least five times the preceding base 
flow before scouring occurs, whereas a biomass of 70 
mg m-2 requires a flood with a magnitude only 1.4 times 
greater than preceding baseflow to cause significant 
scouring.  Most floods therefore leave a heterogeneous 
array of phytobenthic patches, which are resistant to or 
sheltered from the effects of the event (Peterson, 1996). 
Incomplete removal occurs if taxa are scour-resistant, 
if the pre-flood biomass is low, or if the flood is of low 
intensity (Biggs & Close, 1989; Biggs & Thomsen, 1995).
Sediment type and size can have a major impact 
on phytobenthic survival, but this is very influenced by 
stream flow.  Abrasion of the phytobenthos by entrained 
sediments increases as current velocity swells and causes 
scouring (Tett et al., 1978; Francouer et al., 1998; Biggs et al., 
1999b).  Streams with a high sand and gravel content will 
have larger volumes of these suspended sediments causing 
more abrasion of the phytobenthos attached to immobile 
substrata (Peterson, 1996).  This barrage of entrained sand 
and gravel can dislodge or damage attached phytobenthos 
upon impact (Blenkinsopp & Lock, 1994).  Small species 
are able to withstand the abrasive impacts of entrained 
sediments if they are within crevices or recessed areas 
of the substratum surface, including depressions in the 
surface of the entrained sediments themselves (Bergey, 
1999).  These crevices are not usually large enough to hold 
entire populations of phytobenthic organisms but do allow 
the survival of individuals which are able to re-colonise an 
area following severe flood disturbances (Bergey, 1999).
Large sediment particles such as boulders and cobbles 
provide a stable platform for growth and provide shelter 
from the main current, but can become very destructive 
if water velocity increases enough to roll them, resulting 
in the physical removal of the phytobenthos attached 
to them (Peterson, 1996).  The exact velocity required 
for this type of movement depends on the size of 
bed-load particles (Biggs & Close, 1989).  These bed-load 
movements will only occur at flow magnitudes much 
greater than that required to suspend sediments or shear 
biofilms.  Biggs et al. (1999b) state that sites with stable 
bed sediments have a mean monthly biomass 2 to 10 
times higher than sites with unstable bed sediments.
Small to moderate increases in river discharge have 
very little effect on boulder and cobble channels thereby 
allowing phytobenthos development to persevere 
(Francouer et al., 1998; Luttenton & Baisden, 2006).  Resh et 
al. (1988) speculated that gravel bed channels are affected 
most by variations in discharge.  Residual energy in gravel 
bed channels is dispersed over the floodplain and flow 
reversal occurs, which scours pools and aggrades then 
degrades riffles on the ascending and descending side 
of the hydrograph.  The centres of pools receive the most 
disturbance and the centres of riffles are considered to 
receive the least disturbance during increased discharge 
(Resh et al., 1988).  Resh et al. (1988) also consider that 
phytobenthic communities in sand bed channels are 
least affected by increases in discharge as even small 
increases in velocity are able to suspend the small sand 
particles, meaning these communities must be adapted to 
such conditions.  In contrast to this argument, Grimm & 
Fisher (1989) state that phytobenthos growing on sand is 
decimated by minor disturbance events, which mobilise 
these smaller substrata.  Biggs et al. (1999b) suggest 
that it is the size of the top layer of stream sediment 
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that has the largest effect on scouring, but stress that 
the amount of disturbance to the phytobenthos caused 
by a flood is greatly enhanced by substrate instability.
The benthic algal community will be a result of the 
cumulative effects of previous current velocities and flow 
events, rather than the conditions at the time of sampling 
(Tett et al., 1978).  Continuous discharge data are therefore 
more informative than instantaneous measurements of 
flow taken at the time of sampling.  Therefore, the frequency 
of flood events also impacts on the size and diversity 
of the phytobenthos (Biggs & Close, 1989; Fayolle et al., 
1998).  Flow stability for a period of 4 to 6 weeks between 
floods is considered enough to allow the accumulation of 
biomass (Biggs & Close, 1989; Biggs, 1996a).  If flood events 
are rare, the phytobenthic species will be able to colonise 
and develop fully into a diverse community in which 
factors other than stream flow, such as grazers, nutrients, 
temperature or light availability, potentially limit growth. 
Communities experiencing rare flood events tend to have 
high biomass with more filamentous or stalked species, 
which out-compete smaller, colonising species.  This 
leads to a less cohesive community as a large proportion 
of cells are not directly attached to the substrata, meaning 
they are not very resistant or resilient to flood events 
(Peterson & Stevenson, 1992).  In certain situations a very 
low frequency of flooding can lead to prolific phytobenthic 
growth (Welch et al., 1989; Biggs, 1996a).  As stated 
earlier, communities developing in areas of high current 
velocity will have a different composition and attach 
more strongly as a result of greater shear stress, conferring 
that community with greater resistance to floods.
Frequent flood events shape the phytobenthos to be 
resistant and resilient.  Constant re-colonisation following 
flood events restricts the development of the community as 
species competitively adapted for resource capture are the 
most vulnerable compared to smaller, well-adhered and 
resistant species (Fayolle et al., 1998).  Recolonisation of the 
area usually occurs quickly, however, meaning that some 
species of phytobenthos are resilient and therefore able to 
recover following each flood event.  However, the extent 
of community resistance and resilience to floods has been 
shown to depend on the availability of other resources. 
For example, Biggs et al. (1999a) were able to show that 
low nutrient availability resulted in 94 % loss of biomass 
and therefore a low resistance to flood events, whereas 
moderate light and low nutrient stress resulted in the 
most resistant community with 43 % loss of biomass when 
tested under the same flood conditions. Elosegui & Pozo 
(1998) and Weng et al. (2001) suggest that high nutrient 
concentrations enhance the rate at which the phytobenthos 
grows back following disturbances.  Uehlinger et al. 
(1996) have used computer modelling to determine the 
processes controlling phytobenthic biomass and found 
that average discharge and period of time since the last 
spate explained 56 % of the variability in biomass alone.
Grazers
Grazers fundamentally reduce phytobenthic biomass via 
consumption; however, they may stimulate an increase 
in the growth rate, productivity or relative abundance of 
certain phytobenthic types in streams.  In a review of 89 
experimental studies, Feminella & Hawkins (1995) found 
that grazers reduced biomass in 70 % of studies and altered 
taxonomic or physiognomic structure in 81 % of studies.
The phytobenthic response to herbivores depends 
upon biotic factors such as algal species type, growth form 
and the developmental stage of the community (Steinman 
et al., 1987; DeNicola et al., 1990).  For example, Dudley 
& D’Antonio (1991) found that a filamentous species, 
Cladophora glomerata L. (Kützing), was resistant to grazing 
in its mature form but was easily consumed in its early 
growth stages.  The type, density and immigration rates 
of herbivores also affect the response of the phytobenthos 
(Lamberti et al., 1987; Steinman et al., 1987; Hill & Knight, 
1988; Dudley, 1992; Roll et al., 2005).  Steinman et al. (1987) 
found that even low densities of the caddisfly Dicosmoecus 
gilvipes (Hagen), removed substantially more phytobenthic 
biomass than that removed by large densities of the snail 
Juga silicula (Gould).  Lamberti et al. (1987) compared the 
grazing effects of three herbivores on the phytobenthos. 
The mayfly Centroptilum elsa (Traver), which functions as a 
scraper and collector-gatherer with mouthparts fringed by 
brush-like hairs, slightly reduced phytobenthic biomass; 
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the snail J. silicula, equipped with many fine teeth to scrape 
or rasp, reduced phytobenthic biomass; while the caddisfly 
larva D. gilvipes, with bladelike mandibles to scrape, 
reduced the phytobenthic biomass to extremely low levels.
Abiotic factors such as nutrients (McCormick & 
Stevenson, 1991; Pan & Lowe, 1994), light (Steinman et 
al., 1989; DeNicola & McIntire, 1991), substratum type 
(Dudley & D’Antonio, 1991) and hydraulics (Mulholland 
et al., 1991; Opshal et al., 2003; Poff et al., 2003; Riseng et al., 
2004) also influence phytobenthic responses to herbivores. 
Grazers may negate the effects of differing nutrient 
concentrations on algal growth as grazers will concentrate 
their feeding more on flourishing algae and so help to even 
out spatial differences in nutrient concentrations (Pan & 
Lowe, 1994).  Grazers are also able to counteract nutrient 
limitation by either reducing phytobenthic biomass and 
therefore nutrient demand in total or by nutrient recycling 
via increased fertilisation (McCormick & Stevenson, 1991; 
Hill et al., 1992; Vanni, 2002) (see section on Nutrients, 
above).  Both DeNicola & McIntire (1991) and Steinman 
et al. (1989) found that grazing had least effect at low light 
levels, but grazing delayed and altered assemblages at 
intermediate and high light levels.  Mulholland et al. (1991) 
found that grazing may make the phytobenthic assemblage 
less vulnerable to scour by reducing mat build-up and 
maintaining a thin, prostrate community (see section on 
Hydraulics, above), while Opshal et al. (2003) found that 
grazers have differing abilities to regulate phytobenthos 
across the current velocity gradient.  Using streamside 
mesocosms, Poff et al. (2003) showed that Baetis bicaudatus 
(Dodds) removed phytobenthos most successfully at 
currents between 0.3 m s-1 to 0.4 m s-1.  Feminella & Hawkins 
(1995) unexpectedly conclude their review of periphyton 
and stream herbivore interactions by strongly contradicting 
the view that stream communities are regulated primarily 
by abiotic factors, although they do concede that many 
experiments are conducted with little abiotic stress.
There are a number of reasons why phytobenthic 
biomass may not always decrease in the presence of 
herbivores.  First, grazer density and consumption rates 
may be insufficient; for example, Steinman et al. (1987) 
saw no change in biomass under control conditions when 
snail densities were 63 m-2, but saw a dramatic decrease 
in biomass once snail densities reached 125 m-2.  Second, 
the feeding morphology of the grazer present may not 
match the dominant phytobenthic species present.  For 
example, Karouna & Fuller (1992) saw that the brusher 
mouthparts of the Epeorus mayfly larvae had little impact 
upon diatom densities whereas the bladelike mandibles of 
the Psilotreta caddisfly larvae did reduce diatom density. 
Third, resource factors such as light and nutrients may 
already constrain phytobenthic accrual, meaning that 
grazers can have little impact (Feminella et al., 1989).
Grazers are most likely to reduce the overstory of 
phytobenthos, which in turn may promote an increase 
in understory growth, so although the community 
structure of the phytobenthos is altered there may be 
minimal change to overall biomass (Hill & Harvey, 
1990).  Furthermore, grazer-induced changes in taxa 
may alter the productivity of phytobenthic communities, 
but these changes do not always reduce overall biomass 
(Hill et al., 1992; Rosemond, 1993).  Sometimes intense 
grazing constrains biomass regardless of nutrient 
concentration (Hill et al., 1992) and can curb development 
of TSZ and nutrient recycling (Mulholland et al., 1991). 
Although rare, at low densities grazers can stimulate 
increased growth in the phytobenthos.  This increased 
growth can also be associated with increased productivity 
(Lamberti et al., 1989).  Situations that may stimulate 
primary production and overall biomass include: removal 
of senescent cells via consumption or dislodgement, which 
increases light and nutrient diffusion to those remaining 
(Gelwick & Matthews, 1992); shifts in assemblage to 
more photosynthetically active or grazer-resistant species 
(Lamberti et al., 1989); nutrient regeneration by grazer 
excretion, which in nutrient-stressed communities can 
outweigh the negative effects of grazing (McCormick 
& Stevenson, 1991); and removal of epiphytes from 
macroalgae, which benefits the host (Dudley, 1992).
As there are so many potential combinations of taxa 
in the phytobenthos of streams it is difficult to generalise 
about the taxonomic composition in relation to one factor 
such as grazers (Steinman, 1996).  Due to the non-ordered 
scale of benthic mats it is a matter of debate as to whether 
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grazers can actually be selective in their consumption of 
phytobenthic species or whether they just have differential 
efficiencies for harvesting the phytobenthos (Steinman, 
1996).  Fig. 4 shows how different grazers are best 
adapted for consuming taxa within different layers of the 
phytobenthic mat.  As Holomuzki et al. (2006) observed, 
the radular mouthparts of snails are more effective at 
removing algae from a diatom-dominated community 
than the bladelike or brushing mouthparts of caddisflies 
or mayflies.  However, the densities of grazers must also 
be considered when observing efficiency (Villanueva et al., 
2004).  Steinman (1991) showed that snails can consume 
prostrate phytobenthic taxa such as Cocconeis when they 
are starved, which they would not consume if more 
susceptible growth forms, such as the erect Stigeoclonium, 
were present.  One way in which grazers may be 
selective in the phytobenthic species eaten is shown by 
Hart (1985), in which the caddisfly larva Leucotrichia 
reduces the abundance of filamentous blue-green algae 
but does not consume it.  This leads to the conclusion 
that Leucotrichia ‘weed’ out the blue-green algae so that 
it does not encroach on their preferred diet of diatoms.
The general structure of the phytobenthos in 
response to grazers shows a more consistent pattern 
than taxonomic composition.  The majority of studies 
regarding physiognomy show that there is a decrease in 
the relative proportion of overstory and an increase in the 
percentage understory in response to different grazers 
(Feminella & Resh, 1991; Gelwick & Matthews, 1992; 
Rosemond, 1993; Steinman, 1996).  The phytobenthic 
overstory is vulnerable to the majority of grazers and is 
easily dislodged even if it is not eaten, resulting in declines 
of absolute and relative overstory abundance (Hill & 
Knight, 1988; Lamberti et al., 1989; Rosemond et al., 1993). 
Increases in the percentage of understory occur indirectly 
as a result of overstory removal allowing increased access 
to resources, but this does not necessarily lead to an 
increase in absolute abundance (Feminella & Resh, 1991; 
Fig. 4. Hypothetical representation of major growth forms of phytobenthic assemblages in relation to feeding zones occupied by different 
types of grazers (Steinman, 1996; reproduced with permission from Elsevier).
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Mulholland et al., 1991).  Direct increases in understory 
abundance occur through grazer excretion and nutrient 
regeneration, which can lead to an increase in absolute 
abundance (McCormick & Stevenson, 1991).  In addition, 
if the overstory is tufted as with Cladophora, snails may 
be physically prevented from reaching the understory 
(Sarnelle et al., 1993).  A reduction in overstory does not 
always occur as a result of grazing; for example, firm 
attachment, coarse texture and the removal of epiphytes 
from Cladophora have resulted in an increase of this species 
in response to grazing (Dudley, 1992; Sarnelle et al., 1993).
Grazing has the ability to alter phytobenthic succession 
by reducing the overstory (Steinman et al., 1987) or 
preventing growth of forms of certain species (Dudley & 
D’Antonio, 1991).  However, this is very dependent on 
grazer density, type, resource availability, assemblage 
age and timing of the phytobenthos-herbivore interaction 
(Steinman, 1996).  In situations where the overstory is 
inhibited, the presence of grazers could be seen not as 
halting succession but as altering the path of succession, 
from a predominantly filamentous community to a more 
resistant, prostrate community (Steinman et al., 1987; 
Mulholland et al., 1991).  In some situations, grazers are 
unable to alter phytobenthic succession as resources are 
already limiting; for example, in low light conditions 
filamentous forms would not persevere anyway, so the 
addition of grazers would have no effect in changing this 
succession (Steinman et al., 1989).  DeNicola et al. (1990) 
looked into how different grazers affected phytobenthic 
succession and found that the caddisfly Discosmoecus 
always altered the succession to a prostrate form, the snail 
Juga always had a patchy effect, and the mayfly Baetis 
had a patchy effect if introduced during colonisation but 
had no effect if introduced after day 16 of succession. 
Rosemond et al. (1993) noted that species reduced most 
by herbivores were increased most by nutrient addition 
and vice versa, suggesting a trade-off in physiology 
between those with resistant adaptations to herbivores 
and those best adapted for diffusion.  Steinman et al. 
(1992) found that growth forms best adapted for nutrient 
uptake had a high surface area to volume ratio, which is 
also most susceptible to grazing.  The timing of grazer 
introduction to phytobenthic succession determines which 
species are able to establish.  For example, Cladophora 
is unable to establish in the presence of heavy grazers 
(Dudley & D’Antonio, 1991) but if grazers are introduced 
post-establishment (when Cladophora itself is too large 
to graze) they remove epiphytes and so induce further 
growth of this species (Dudley, 1992; Sarnelle et al., 1993).
Grazing can increase phytobenthic export to 
downstream reaches via dislodgement (Lamberti et al., 
1989), especially when grazers are initially introduced 
(Lamberti et al., 1987).  When other factors such as light levels 
are considered this may not be the case; as Mulholland et al. 
(1991) reported, export actually decreased in the presence 
of snails when light levels were elevated.  However, this 
depends on the density of grazers present, as very high 
grazing densities result in low biomass levels for export 
(Mulholland et al., 1991; Steinman, 1996).  Export also 
depends upon phytobenthic assemblage and age, as well 
as grazer types.  For example, diatoms are less susceptible 
to export than filamentous species due to better adherence 
properties (Hoagland et al., 1993) and older assemblages 
are easier to dislodge as they include more senescent cells, 
which are poorly attached (Lamberti et al., 1989).  Export 
is generally greater with caddisflies and snails than with 
mayflies, as material is dislodged as they bulldoze through 
the phytobenthos (Steinman, 1996).  If collector-gatherers 
are present along with scrapers and raspers, less of the 
dislodged material is likely to be exported downstream. 
As Gelwick & Matthews (1992) observed, the grazing 
minnow Campostoma anomalum (Rafinesque) reduced 
the sizes of particulates via mechanical fragmentation, 
which encouraged a greater collector-gatherer presence 
and associated reduction in phytobenthic export.
Low and moderate grazing pressure may not result in 
any changes to phytobenthic diversity, but intense grazing 
pressure is generally agreed to decrease diversity (Lowe 
& Hunter, 1988; Mulholland et al., 1991).  Some studies 
have shown that grazing can have a positive effect on 
phytobenthic diversity, generally by increasing available 
space, light and nutrient penetration (McCormick & 
Stevenson, 1989; Holomuzki et al., 2006).  McCormick & 
Stevenson (1989) found that grazers can create patches, 
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which increase habitat heterogeneity and therefore increase 
diversity, but found that introducing a limiting nutrient 
increased the population growth rates of some species 
(Cocconeis and Stigeoclonium) to the point of reducing the 
habitat heterogeneity and increased diversity created. 
On the other hand, a high level of grazing can increase 
species richness in an enriched stream by reducing the 
benthic mat and especially more abundant competitive 
species, allowing others to persist (Proulx & Mazumder, 
1998; Hillebrand et al., 2007), whereas the opposite is true 
in nutrient-poor streams where the limitation of nutrients 
prevents regrowth.  Grazing has less effect on species 
diversity in lotic systems than it does in other ecosystems 
for several reasons: the unidirectional flow constantly 
transports new colonists to replace the species lost; 
phytobenthic species reproduce quickly and so re-establish 
themselves promptly; and many species are able to exist in 
resistant growth forms, such as small prostrate filaments 
or basal cells, for long periods until environmental 
conditions are favourable for new growth, thereby 
adding to diversity (Wehr, 1981; Steinman et al., 1992).
Colonisation drift and competition
Initially, adnate algae, mainly diatoms, will colonise 
substrata.  These species grow flat against the substrata, 
thereby reducing shear stress and grazing by invertebrates. 
However, these species are poorly adapted for light 
and nutrient absorption and so are easily outgrown 
(McCormick & Stevenson, 1989).  Apically attached 
species are the first to overgrow adnate forms due to their 
quick growth.  These stand erect on the substrata in low 
currents and consist of species such as the diatom Synedra. 
Slower growing stalked diatoms, filamentous species 
and sometimes motile species eventually out-compete 
the adnate and apically attached species due to better 
adaptations for absorbing light and nutrients.  There is 
also competitive pressure from macrophytes for substrata 
on which to grow and the success of this attachment can 
often be determined by hydraulics (Biggs, 1996b).  This 
succession takes time, however, and only occurs if the 
physical conditions within the stream are favourable 
(Stevenson, 1996).  As a rough guide, Biggs & Kilroy (2000) 
suggest incubation for at least four weeks before a mature 
community is established.
The source of planktonic drift species within streams 
has been shown to be made up of mainly benthic 
species and the drift biomass is related to benthic 
biomass (Butcher, 1932; Clayton et al., 1976).  The rates 
of phytobenthos (especially diatom) immigration and 
emigration rates vary depending on species, time of day 
and reproductive capacity.  There can be up to 5 % daily 
turnover in phytobenthic abundances due to immigration 
and emigration (Stevenson, 1990).  Emigration may be 
due to autogenic factors such as increased buoyancy 
post-disturbance, oxygen production, or possibly new cells 
with poor attachments.  Allogenic causes of emigration 
include grazer dislodgement (see section on Grazers, 
above), passing through grazer guts while still alive, or 
disturbance via increased current velocity.  Immigration 
is positively related to drift abundances within the water, 
and so is a factor of upstream emigration (Stevenson 
& Peterson, 1991).  Immigration is also negatively 
related to current velocity, with speeds greater than 0.1 
m s-1 being sources of drift as emigration rates exceed 
immigration rates.  Slower flowing areas such as pools 
are probably sinks for drift species and so immigration 
exceeds emigration.  Variability in attachment, cell size 
and morphology have been suggested as reasons for 
species differences in drift and may account for variable 
buoyancy and sinking rates (Stevenson & Peterson, 1991).
Temperature
The effect of water temperature on stream phytobenthos 
is often significant in multivariate analyses because 
other environmental factors such as light or nutrient 
concentrations often correlate with temperature, making its 
influence difficult to distinguish (Larned, 2010).  Optimal 
temperatures for most phytobenthos range from 10 °C 
to 30 °C, with higher temperatures inducing heat stress 
and reduced growth (Larned, 2010).  This range suggests 
that thermal energy could be a limiting factor in cold 
climates.  Empirical models indicate that photosynthesis 
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increases with temperature over a range of 5 °C to 25 °C 
and phytobenthic production is more strongly linked to 
temperature in streams than in lakes or oceans (Morin et 
al., 1999).  Phytobenthic organisms are able to acclimatise 
to reduce the severity of temperature limitation but this 
incurs a cost of increased nutrient consumption (Larned, 
2010).
The major taxonomic groups within the phytobenthos 
show a trend to dominate in different temperature 
ranges; diatoms between 5 °C and 20 °C, green and 
yellow-brown algae between 15 °C and 30 °C, and 
blue-green algae above 30 °C (DeNicola, 1996).  This 
variation in tolerance suggests that thermal regimes 
influence spatial patterns in phytobenthic communities 
with seasonal variations in taxonomic composition 
occurring in temperate rivers (Allan & Castillo, 2007).
Low flows, especially during summer, have the 
potential to cause increases in water temperature.  This 
is accentuated by reduced water depth under low flow 
conditions, so increasing the warming effects of sunlight. 
In addition, wider streams (those over 10 m in width 
according to Davis-Colley & Quinn (1998)) have 
limited riparian shading of the natural channel, 
which increases exposure to warming.  These factors 
combine to increase phytobenthic growth in low 
flows (Biggs, 2000).  Conversely, low flows would 
increase cooling and the likelihood of freezing during 
winter, which is considered very detrimental to 
phytobenthic populations (Angradi & Kubly, 1993).
Light
Light is a prerequisite for phototrophic existence and 
photosynthesis responds quantitatively to changes in light 
(Hill, 1996).  Light can therefore limit phytobenthic growth 
even when other resources such as nutrients are plentiful 
(Greenwood & Rosemond, 2005).  The effects of light alone 
are difficult to establish because it often correlates with 
factors such as temperature (Hill, 1996), can be masked by 
grazer activity (Rosemond, 1993; Hill et al., 1995; Wellnitz 
& Rader, 2003; Hillebrand, 2005) and can be influenced by 
nutrient concentrations (Mosisch et al., 1999; Liess et al., 
2009).
In small streams, up to 95 % of incoming light can 
be intercepted by riparian vegetation, reducing the 
photon flux density (PFD) to less than 40 µmol m-2 s-1 
(Hill et al., 1995).  This means that phytobenthic biomass 
often correlates with riparian vegetation (Hill & Harvey, 
1990; Davis-Colley & Quinn, 1998; Hill & Dimick, 2002; 
Ambrose et al., 2004; von Schiller et al., 2007) unless the 
vegetation is heavily grazed (Steinman, 1992).  Sabater 
et al. (2000) added N and P to stream reaches and found 
that biomass and nutrient retention doubled, but only 
when riparian vegetation surrounding stream reaches was 
removed, indicating that light was the limiting resource in 
this system.  Hill et al. (2009) concluded that P enrichment 
in their experimental streams had no significant effect if 
streambed irradiances were kept below 2 mol photons 
m-2 d-1 by riparian shading or turbidity.  Some studies 
show that nutrients and light can co-limit stream systems 
(Rosemond, 1993; Larned & Santos, 2000; Hill & Fanta, 
2008; Hill et al., 2009; Liess et al., 2009).  Hill & Fanta 
(2008) showed that light alone explained 67 % of the 
variation in phytobenthic biomass, but P and light together 
explained 81 % of the increase in biomass.  Rosemond 
(1993) found that light or nutrient addition alone had no 
detectable effect on the phytobenthos, but when nutrient 
concentration and light were both increased, biomass also 
increased and a reduction in grazers enhanced this.  A few 
studies have shown that nutrient concentration is more 
influential on phytobenthic growth than light (Rosemond 
et al., 2000; Fanta et al., 2010).  However, the study by 
Rosemond et al. (2000) states that this is only the case for 
seasons in which light levels are high.  Francouer et al. 
(1999) also warns that temporal factors must be included 
when assessing which factor limits phytobenthic growth.
When light does reach the stream surface it is then 
attenuated exponentially by water molecules, dissolved 
organic matter and suspended inorganic matter such as 
silt and clay (Hill, 1996; Davis-Colley & Smith, 2001).  This 
turbidity is often increased due to human actions such as 
mining (Davis-Colley et al., 1992).  Light intensity is often less 
within pools than riffles due to increased water depth, and 
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light is reduced when the stream has a snow or ice covering 
(Stevenson, 1996).  Once light reaches the phytobenthic mat 
the overstory cells absorb and scatter it, so that the photic 
zone is limited to the upper few millimetres of the vertical 
biofilm matrix (Dodds, 1992; Johnson et al., 1997).  This 
means that filamentous species or those with tall profiles 
have a competitive advantage over prostrate species 
(Hill, 1996).  Lange et al. (2010) observed that low-profile 
diatom species were prevalent at low light levels whereas 
high-profile species dominated at higher light levels. 
Shade adaptation by phytobenthic communities 
increases photosynthetic efficiency and buffers limiting 
effects at low irradiances.  For example, when phytobenthos 
from both a shaded and an open stretch of stream was 
exposed to low light levels, photosynthesis from the 
shaded phytobenthos was twice that of phytobenthos 
from the open site (Hill et al., 1995).  However, day-to-day 
photosynthesis in the shaded habitat was less than 25 % of 
that in the open site despite greater efficiency.  Diatoms are 
best adapted to low light situations and dominate at PFD 
of less than 50 µmol m-2 s-1 (Hill, 1996).  Some species such 
as Achnanthes rostrata (Ostr.) and Stigeoclonium basal cells 
are even adapted to withstand multiple days (10 and 92 
respectively) in the dark (Steinman et al., 1990; Tuchman 
et al., 2006), although this facultative heterotrophy is 
only possible in organically rich habitats.  Some species 
such as raphe-bearing diatoms are motile, which enables 
escape from heavy shade or high irradiance as long as 
these distances are of the order of millimetres (Hill, 1996).
Light becomes saturating to phytobenthos between 100 
m-2 s-1 to 400 µmol m-2 s-1, but saturation in shade-adapted 
communities may occur between 100 m-2 s-1 to 200 µmol 
m-2 s-1.  In heavily shaded streams, maximum irradiances 
may only reach 30 µmol m-2 s-1 (Hill, 1996).  Chlorophytes 
are best adapted to high light levels and tend to dominate 
at irradiances above 100 µmol m-2 s-1 (Hill, 1996).  For 
example, Stigeoclonium and Ulothrix filaments only become 
abundant at irradiances above 150 µmol m-2 s-1 (Steinman 
et al., 1987).  Adaption to high irradiances also avoids 
certain light-sensitive grazers (DeNicola & McIntire, 1991).
Photoinhibition can occur at irradiances of over 600 
µmol m-2 s-1 (Hill, 1996), especially in species adapted 
to the shade (Boston & Hill, 1991; Hill & Boston, 1991; 
Hodoki & Ohbayashi, 2005).  The understory, however, is 
usually protected from the effects of photoinhibition as it is 
shaded by taller species (Hill & Boston, 1991; McNamara 
& Hill, 2000).  Species in very high light habitats will be 
under selective pressure to develop mechanisms such 
as accessory pigments or sheath pigments that reduce 
the damaging effects of high irradiance (Garcia-Pichel 
& Castenholz, 1991).  Hill et al. (2009) saw that 
photoinhibition was more pronounced in P-limited 
situations, suggesting that P is required to produce 
protective pigments in sufficient quantities to protect cells.
The quality of light is generally less important than the 
quantity (Hill, 1996), although McNamara & Hill (2000) 
found that phytobenthos biomass reduced and cell size 
decreased as UV light increased.  Bothwell et al. (1993) 
conducted an experiment shielding diatom communities 
from UV in flumes and found that the diatoms grew 30 
% to 40 % faster than those exposed to UV light in the 
first 5 weeks, due to UV-A inhibition.  After 5 weeks, 
biomass (and cell size) was greatest in those exposed 
to UV light as UV-B reduced the abundance of grazing 
chironomids, which limited abundance in communities 
shaded from UV-B (Bothwell et al., 1994).  Kelly et al. 
(2003) saw similar effects when UV-A and UV-B were 
filtered out but only in communities with minimal 
shading, suggesting that riparian cover is a natural filter 
for UV light.  Short-term exposure to UV radiation has 
minimal effects on community composition (DeNicola 
& Hoagland, 1996), but prolonged exposure (38 days) 
to elevated UV radiation produces a community of UV 
radiation-tolerant taxa dominated by Cyanobacteria, 
which has a co-tolerance to cadmium (Navarro et al., 2008).
pH
Acid in streams can occur naturally as a result of volcanic 
bedrock, peat, or the decomposition of autumn leaves.  This 
can be greatly enhanced via anthropogenic inputs such 
as mining waste, altered land use and, most importantly, 
increases in atmospheric sulphur and nitrogen oxides, 
which cause ‘acid rain’ (Planas, 1996).  An ecosystem is 
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considered acidified when the mean pH is below 5.5. 
Abiotic effects of acidification include changes in nutrient 
availability and metal solubility, and biotic changes include 
decreased abundance of grazers.
Nutrient changes due to acidification can have various 
effects on the stream phytobenthos.  Carbon enrichment 
experiments have shown that carbon can be limiting 
in acidic streams (Mullholland et al., 1986).  Increased 
nitric acid due to acid rain increases the availability of 
nitrogen, and the inhibition of nitrification by acidification 
can lead to increased ammonium availability for the 
phytobenthos (Herrmann et al., 1993).  Acidification 
may mobilise P that is associated with aluminium, 
allowing increased uptake by phytobenthos (Planas, 
1996).  Increases in P have been seen with acid pulses in 
streams (Hall et al., 1987).  There is also the possibility 
that silica becomes less soluble in acidic conditions, which 
is potentially limiting to diatom growth (Charles, 1985).
In acidic streams the diatom taxa Eutonia is often 
prevalent if not dominant (Winterbourn et al., 1992; Passy, 
2006) and it may be the toxicity of hydrogen ions and metals, 
particularly aluminium, which are responsible for the loss 
of many phytobenthic species (Planas, 1996).  Invertebrate 
density has been shown to correlate with pH in streams 
(R2 = 0.09, P<0.05) and low pH has been shown to increase 
mortality of invertebrates transplanted from a steam of 
pH 6.4 to pH 5 (Rosemond et al., 1992).  Winterbourn et 
al. (1992) and Rosemond et al. (1992) have both concluded 
that the lack of grazers in acidic streams is not due to a 
lack of food availability.  The combination of increases 
in nutrient availability and reduced grazing often results 
Fast Flow Slow Flow 
H
ig
h
 N
u
tr
ie
n
ts
 
Lo
w
 N
u
tr
ie
n
ts
 
Shaded Shaded 
Very 
bright 
light 
Very 
bright 
light 
Grazers present Grazers absent Grazers absent Grazers present 
Shade 
tolerant 
species 
have 
access to  
required 
nutrients 
Availability 
of P 
counteracts 
photo-
inhibition 
Shade 
tolerant 
species 
have 
access to  
required 
nutrients 
Availability of 
P counteracts 
photo-
inhibition and 
self shading of 
understory 
Grazers consume biomass.  
Nutrients plentiful and 
recycled but only reach 
understory if grazers have 
exposed this. Much 
competition within 
phytobenthos 
No biomass lost to grazers 
but potential loss via 
sloughing as weight 
increases strain on 
attachment to substrata. 
Nutrients rinsed quickly. 
Lack of 
nutrients 
for shade 
tolerance 
Some 
recycled 
nutrients 
for shade 
tolerant 
Lack of 
nutrients to 
counteract 
photo-
inhibition 
Some 
recycled 
nutrients to 
counteract 
photo-
inhibition 
Grazers consume biomass 
and confer some resistance 
to flow effects. 
Nutrients very limited as 
rinsed out before can be 
recycled. 
No biomass lost to grazers. 
Nutrients rinsed quickly. 
Limited loss via sloughing 
as minimal weight 
increases. 
Grazers consume biomass 
and increase nutrients via 
fertilisation.  
Nutrients easily recycled. 
No biomass lost to 
grazers  or flow. 
Nutrients recycled but 
still limited. 
Grazers consume biomass 
and confer some resistance 
to flow effects. Nutrients 
plentiful but rinsed out 
before can be recycled. 
Minimal growth on boulder 
as washed away. 
No biomass lost to grazers 
or flow. Understory light 
and nutrient limited by 
overstory resulting in 
scenescence and potential 
sloughing. Plentiful growth 
on boulder as minimal flow 
effects. 
Substrata Substrata 
Substrata Substrata 
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in an increase in phytobenthic biomass in acidic streams, 
although often with reduced species richness (Planas, 1996).
Conclusion
In conclusion, multiple factors influence phytobenthic 
growth in streams (Fig. 2), all of which have the potential 
to limit or enhance growth in different situations and 
to varying degrees.  Many of these components are 
interlinked, however, and teasing apart the interactions 
is extremely complicated.  This is demonstrated by Fig. 5 
which visually draws together some of the main interacting 
factors affecting the phytobenthos.  For example, although 
light and temperature are very influential on phytobenthic 
growth over longer seasonal timescales, hydraulics and 
nutrients are able to change the phytobenthic community 
and biomass to a great extent relatively rapidly, even when 
constrained by the aforementioned factors.  This suggests 
that future research would be best focusing on multiple 
interactions and timescales, to help tease apart the actual 
causes of phytobenthic change.  
Now that the importance of the phytobenthos has 
been recognised by the European Union and phytobenthic 
monitoring is a requisite for all European member states, 
it is important to make sure that the metrics being used 
for this monitoring are as robust and inclusive as possible. 
Considering the many interrelated factors affecting 
phytobenthic growth and community composition, 
the metrics currently being used for biomonitoring 
are a valuable contribution, especially given the time 
constraints for implementation.  However, there are still 
concerns as to how comprehensive and robust these 
indices are, as although nutrients may be a critical factor 
in determining the quality of water in streams and the 
health of the phytobenthic community, there are many 
other constituents that modify the response to nutrients. 
These factors are likely to explain the remaining variability 
in metrics such as the TDI.  Also important is the ability 
to incorporate variations between streams and within 
stream reaches, and to include all species of phytobenthos 
present and their relative abundance.  Most importantly, 
current indices such as the TDI do not account for the 
overall biomass of the phytobenthos and are only able to 
account for changes in community composition, but this 
does not necessarily change in times of algal proliferation. 
The number of influential environmental factors and 
their complex interactions emphasise how challenging 
this subject is to tease apart (Fig. 5) and how conventional 
chemistry and physical measures of water quality alone 
will never fully be able to explain the biological response 
seen.  Therefore, the main aim of future research should 
be to develop a model for predicting phytobenthic biomass 
and community composition given a set of environmental 
variables with appropriate weighting.  This model could 
then be used in to enable environmental variables to be 
predicted from a given phytobenthic sample, and this used 
to better inform management decisions within catchments. 
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